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Abbreviations

Ah-receptor aryl hydrocarbon receptor 
AP alkyl phenol 
CYP cytochrome P450 
BaP benzo(a)pyrene 
NF -naphthoflavone 

DMSO dimethyl sulfoxide 
EROD  7-ethoxyresorufin O-deethylase
HC buffer HEPES-Cortland buffer 
Kow octanol-water partition coefficient 
PAH polycyclic aromatic hydrocarbon 
PCB polychlorinated biphenyl 
PCB#126 3,3’,4,4’,5-pentachlorobiphenyl 
PCDD polychlorinated dibenzo-p-dioxin 
PCDF polychlorinated dibenzofuran 
PHAH polyhalogenated aromatic hydrocarbon 
PW produced water 
ROS reactive oxygen species 
STP sewage treatment plant 
TCDD 2,3,7,8-tetrachlorodibenzo-p-dioxin 
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Introduction

Environmental monitoring and biomarkers 
Documentation of the state of the environment and how it changes over time 
is conducted in monitoring programmes worldwide. A major part of these 
programmes concerns chemical analysis of selected pollutants. Also so-
called biomarkers are applied to determine exposure of organisms to pollut-
ants. One definition of the term biomarker is “a change in a biological re-
sponse (ranging from molecular through cellular and physiological responses 
to behavioural changes) which can be related to exposure to or toxic effects 
of environmental chemicals” (Peakall 1994; reviewed in van der Oost et al. 
2003). The biological end-point used as a biomarker signals the presence of 
any compound causing the measured effect, and the various biomarkers used 
today are more or less specific for certain classes of pollutants. Biomarkers 
can serve as early warning signals for exposure to pollutants before any ad-
verse effects on individual animals or populations are obvious. In fish, one 
commonly analyzed biomarker is the cytochrome P450(CYP)1A protein and 
the connected 7-ethoxyresorufin O-deethylase (EROD) activity.  

The CYP1A protein 
The CYP monooxygenases are enzymes involved in biotransformation of 
both endogenous compounds and xenobiotics. The CYP-catalyzed phase I 
metabolism renders lipophilic xenobiotics more water soluble, for example 
by hydroxylation, and thereby more accessible to phase II conjugation and 
excretion. There are numerous CYP forms involved in these reactions of 
which some belong to the CYP1 gene family. Mammals possess two CYP1A 
forms, CYP1A1 and CYP1A2. Also in rainbow trout (Oncorhynchus mykiss)
two CYP1A enzymes have been characterized (CYP1A1 and CYP1A3, 
originally named CYP1A2 and CYP1A1; Berndtson and Chen 1994; 
Råbergh et al. 2000). Other fish species may have multiple forms that belong 
to the CYP1A subfamily, but these forms are simply called CYP1A. The 
CYP1A subfamily has been extensively studied, but there are also other 
members of the CYP1 family in fish, belonging to the subfamilies CYP1B 
(Godard et al. 2000; Leaver and George 2000), CYP1C (Godard et al. 2005; 
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Itakura et al. 2005) or the recently discovered CYP1D (Goldstone et al. in 
preparation).

CYP1A induction 
The expression of CYP enzymes can be constitutive, i.e. the gene is continu-
ously expressed, and/or inducible, i.e. gene expression is increased upon 
exposure to an inducer. A characteristic trait of the CYP1A enzymes is that 
they are induced by certain xenobiotics, and this feature seems to be fairly 
conserved among vertebrates (Hahn 1998). The induction of CYP1A is gen-
erally mediated via the aryl hydrocarbon receptor (Ah-receptor) pathway. In 
short, the Ah-receptor is a ligand-activated transcription factor residing in 
the cell cytoplasm. When the receptor binds a ligand, it translocates into the 
cell nucleus. Following binding to its partner protein Arnt, the complex 
binds to DNA at specific response elements and induces expression of target 
genes (described by e.g. Pollenz 2002). Several of the target genes including 
CYP1A, CYP1B, glutathione-S-transferase, UDP glucuronosyltransferase, 
NAD(P)H:quinone oxidoreductase (DT-diaphorase) and aldehyde dehydro-
genase are involved in biotransformation of xenobiotics (Nebert and Gonza-
les 1987; Celander et al. 1993; Handley-Goldstone et al. 2005). However, 
some CYP1A inducers are only weak Ah-receptor ligands (Denison and 
Nagy 2003). Therefore, other means of CYP1A regulation have been sug-
gested, involving tyrosine kinase activation and the retinoic acid receptor 
signal transduction pathway (Delescluse et al. 2000). Stabilization of CYP1 
mRNA has also been proposed as a mechanism for induction in mammals 
(Kimura et al. 1986; Okey 1990). 

CYP1A inducers and inhibitors 
Classical Ah-receptor agonistic pollutants are hydrophobic, planar molecules 
such as polyhalogenated aromatic hydrocarbons (PHAHs) including poly-
chlorinated dibenzo-p-dioxins and dibenzofurans (PCDDs/Fs), co-planar 
polychlorinated biphenyls (PCBs) and polychlorinated naphtalenes (PCNs, 
Behnisch et al. 2003). Of the PHAHs, 7 of the 75 PCDDs, 10 of the 135 
PCDFs and 12 of the 209 PCBs bind to the Ah-receptor with high affinity, 
and some of their brominated analogues are agonists as well (van den Berg 
et al. 1998; Behnish et al. 2003). The prototype Ah-receptor agonist is 
2,3,7,8-tetrachloro-dibenzo-p-dioxin (TCDD), one of the most potent 
CYP1A inducers known (van den Berg et al. 1998).  

In addition to the PHAHs, certain polycyclic aromatic hydrocarbons 
(PAHs) containing 4 or more aromatic rings can bind to the Ah-receptor and 
induce CYP1A activity (Billiard et al. 2002; Behnish et al. 2003; Lee and 
Anderson 2005). Some of these PAHs are metabolized by CYP1A and it has 
been shown that the well characterized CYP1A inducer benzo(a)pyrene 
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(BaP) is also an inhibitor of human CYP1A activity (Shimada and 
Guengerich 2006). 

Ah-receptor agontists that are not environmental pollutants include syn-
thetically derived flavones, for instance the experimental CYP1A inducer -
naphtoflavone ( NF) commonly used in research.  Other ligands are natural 
substances present in the diet and/or derived from endogenous metabolism 
such as flavonoids, carotinoids, indole-metabolites of tryptophan and arachi-
donic acid metabolites (review by Denison and Nagy 2003). As the PAHs, 
also these substances can be substrates for CYP1A and occasionally potent 
inhibitors of CYP1A-catalyzed reactions such as EROD (Doostdar et al. 
2000; Denison and Nagy 2003). Further, it has been demonstrated that com-
ponents in humic acids (Matsuo et al. 2006) and neurotoxins from dinoflag-
ellates  (Washburn et al. 1994) can induce CYP1A in fish. Antifungal azoles 
used as therapeutic drugs and fungicides are designed to inhibit CYP51- 
catalyzed biosynthesis of ergosterol in fungi (Vanden Bossche 1995). Such 
azoles can also inhibit CYP enzymes in animals, including CYP1A and en-
zymes involved in steroid biosynthesis such as aromatase (Santen et al. 
1983; Kan et al. 1985; Vanden Bossche 1992; Ronis et al. 1994; Vanden 
Bossche 1994; Levine et al. 1997). In fish, the antifungal drug ketoconazole 
has been reported to both inhibit and induce CYP1A activity (Hegelund et al. 
2004). Other drugs as well, including sulfamethoxazole (an antibiotic drug), 
carbamazepine (an antiepileptic drug) and diclofenac (a nonsteroidal anti-
inflammatory drug), have been shown to inhibit CYP1A activity in fish (La-
ville et al. 2004).

Today, no endogenous ligand for the Ah-receptor has been conclusively 
identified. Evidently, this receptor can be activated by a range of chemicals 
(Denison and Nagy 2003). 

Sources of CYP1A inducers and inhibitors 
Both PAHs and PCDDs/Fs can be formed naturally, although the main 
sources are of anthropogenic origin. The PCDDs/Fs form in the presence of 
chlorine during industrial processes and following incomplete combustion 
such as waste combustion (Stieglitz and Vogg 1989). They can also be pre-
sent as impurities in chlorinated phenols used as herbicides and for wood 
impregnation. The PCBs were earlier produced in large quantities but are 
now banned. Yet, there is still a leakage of these compounds into the envi-
ronment, for instance from old electrical equipment where technical PCB 
was used in insulators. The PHAHs are of high environmental significance 
due to their hydrophobic nature and resistance towards metabolism making 
them prone to bioaccumulate in fatty tissues of organisms. In fish, the PCBs 
seem to bioaccumulate to a higher extent than the PCDDs/Fs (reviewed in 
van der Oost et al. 2003). 
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The PAHs are prone to enter tissues of organisms, but they are readily me-
tabolized and do not generally bioaccumulate. Yet the input of PAHs to the 
environment is higher than for the PHAHs. Studies of fractionated extracts 
of sediments or settling particulate matter have shown that the polyaromatic 
fraction (containing PAHs) contributes at least as much as the diaromatic 
fraction (containing PCBs) to CYP1A induction, also when dealing with 
samples collected in areas with a high level of PCB contamination (Engwall 
et al. 1997; Sundberg et al. 2005). The main source of PAHs is incomplete 
combustion of organic materials. Domestic wood burning and vehicle emis-
sions from road traffic are the major sources of PAHs in Sweden (Boström et 
al. 2002), but wear to tyres and asphalt also contribute significantly (Olsson 
et al. 2003). Also crude oil contains PAHs. Most PAHs released into the 
environment contain 2 or 3 aromatic rings, but CYP1A inducers such as BaP 
can be found as well (Billiard et al. 2002; Lee and Anderson 2005). 

There is an emerging interest in the release of pharmaceutical drugs via 
municipal effluents into aquatic environments. Many of these drugs pass 
through sewage treatment plants (STPs) and are found in the effluent water 
(reviewed in Fent et al. 2006). Triazole fungicides are widely used in agri-
culture and horticulture, and the fungicide propiconazole has been detected 
in the aquatic environment (Castillo et al. 1997; Swedish Chemicals 
Agency). Flavonoids are present in fruits, vegetables and tea, and human 
blood levels of these substances can be in the low µM range (reviewed by 
Denison and Nagy, 2003).  

CYP1A induction as a biomarker 
The idea to use induction of CYP1A as a means to monitor exposure of fish 
to pollutants was suggested already in the mid 1970s by Payne and Penrose 
(1975) and Payne (1976), and this biomarker has been further characterized 
by e.g. Goksøyr and Förlin (1992), Stegeman and Hahn (1994) and Bucheli 
and Fent (1995). Indeed, CYP1A is today frequently used to identify the 
distribution and levels of CYP1A inducers in the environment. The Ah-
receptor-mediated CYP1A response can be detected by measuring CYP1A 
mRNA or protein content, or its catalytic activity. One CYP1A-catalyzed 
reaction is EROD where the substrate 7-ethoxyresorufin is metabolized to 
fluorescent resorufin. The CYP enzymes are mainly expressed in the smooth 
endoplasmatic reticulum, and the catalytic activities are generally deter-
mined in microsomes formed from endoplasmatic reticulum upon homog-
enization of the tissue. Traditionally, the EROD activity is regarded as a 
biomarker for CYP1A in fish. However, this reaction is most likely catalysed 
also by the other CYP1 enzymes. In a study using recombinant human 
CYP1A1, CYP1A2 and CYP1B1 it was shown that CYP1A1 was mainly 
responsible for the EROD reaction (Shimada et al. 1997). However, this can 
differ between species and has to be further investigated in fish. In this con-
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text, it is notable that the various CYP1 enzymes differ in tissue distributions 
both in unexposed and Ah-receptor agonist exposed zebrafish (Danio rerio,
Jönsson et al. 2007).  

In a review on biomarkers used in fish, EROD activity following expo-
sure to pollutants was significantly increased compared to the control groups 
in 88 % of the 137 accounted laboratory studies and in 90 % of the 127 ac-
counted field studies (van der Oost et al. 2003). In another review, CYP1A 
induction in fish was found to be significantly related to the contaminant 
level in 93% of the 76 investigated field studies (Bucheli and Fent 1995). It
has become increasingly clear, however, that biomarkers often respond more 
strongly than expected from the concentrations of the chemically analysed 
contaminants. For example, in studies of fractionated extracts from environ-
mental samples it was found that the analyzed PAHs in the polyaromatic 
fraction only partly accounted for the biological effects such as EROD in-
duction (Engwall 1997; Sundberg et al. 2006). In a study on brown trout 
(Salmo trutta) exposed in a flow-through system to water from two moder-
ately contaminated streams in southern Germany, differences in hepatic 
CYP1A protein and EROD activity between the streams were observed 
(Honnen et al. 2001; Behrens and Segner 2005). The levels of PAHs and 
PCBs measured in whole fish or water and sediments from the streams 
could, however, not explain the difference in CYP1A response. Furthermore, 
results from the Swedish monitoring programme in the Baltic proper re-
vealed that EROD activity in liver of perch (Perca fluviatilis) increased be-
tween 1988 and 2000 whereas the concentrations of co-planar PCBs in biota 
tended to decrease (Hansson et al. 2006). The cause for this trend in EROD 
activity was not clarified. Suggested reasons include increasing levels of 
PAHs, for which no temporal trend has been established, or the presence of 
yet unidentified EROD inducers in the Baltic Sea (Hansson et al. 2006). One 
general conclusion from these studies was that there may be CYP1A induc-
ers present in the environment which are not accounted for in standard 
chemical analysis, but are revealed by biomarkers such as CYP1A induction. 

There are several possible confounding factors that might affect the 
EROD response (reviewed in Whyte et al. 2000). Examples include organo-
tins and other metals, estrogenic compounds, synergistic and antagonistic 
effects in mixtures of Ah-receptor ligands, and alternations in the CYP1A 
response following prolonged exposure to pollutants. Further, diet and sea-
sonal changes in oestrogen levels in females can contribute to variation. It is 
important to take these factors into consideration when designing biomarker 
studies and therefore ensure that both unexposed and exposed groups have 
the same status regarding confounding factors. Obviously, it is difficult to 
control all factors that may affect the in vivo CYP1A response in field moni-
toring. An alternative to collecting wild fish is to keep fish caged in the area 
to be monitored (Goksøyr et al. 1994). A further step towards controlled 
conditions is to collect environmental samples such as sediments and water 
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and expose fish in the laboratory. Caging in the field and tank exposures in 
the laboratory often represent a stressful situation for the fish. Studies on fish 
hepatocytes in vitro show that exposure to the stress hormone cortisol in-
creases the effect of CYP1A inducers on the EROD activity (Devaux et al. 
1992; Celander et al. 1996). Notably, however, no effect of handling stress 
or cortisol implantation on the CYP1A response has been observed in fish in
vivo (Vijayan et al. 1997; Jørgensen et al. 2001). 

Toxicity of Ah-receptor agonists 
The toxicity of the PHAHs is mainly mediated through the Ah-receptor in 
both mammals and fish (Fernandez-Salguero et al. 1996; Prasch et al. 2003). 
In mammals, classical effects following exposure to the extensively studied 
TCDD include foetal cleft palate formation (mice), epidermal lesions 
(chloracne in humans), loss of lymphoid tissue, tumour promotion, and lethal 
wasting (Poland and Knutson 1982). Some of the most sensitive responses 
are seen during development when exposures affect the reproductive, nerv-
ous and immune systems (WHO-ECEH/IPCS 2000). In fact, fish are among 
the most sensitive vertebrates to TCDD-caused lethality (Kleeman et al. 
1988) and many lesions induced by TCDD are similar to those observed in 
mammals. More specifically, exposure results in decreased food intake, 
wasting, lesions in epithelial and lymphoid tissues, systemic effects on vas-
cular endothelia and/or vascular permeability, and mortality (delayed in on-
set, reviewed in Tanguay et al. 2003). Early life-stages of fish are most sus-
ceptible to PHAH toxicity, and the route of exposure is mainly maternal 
transfer to oocytes during vitellogenesis (Tanguay et al. 2003). Symptoms 
resemble those found in hatchery salmonid larvae diagnosed with blue sac 
disease, a condition for instance induced by low levels of dissolved oxygen 
(Wolf 1969, Tanguay et al. 2003). Following PHAH exposure during early 
life-stages, the observed oedema, hemorrhages, craniofacial malformations 
and mortality are suggested to be caused by peripheral circulation failure and 
cell death in the vascular endothelium (Tanguay et al. 2003). CYP1A is 
strongly induced in endothelia (Guiney et al. 1997; Teraoka et al. 2003), and 
for example apoptosis has been significantly correlated with vascular 
CYP1A induction (Toomey et al. 2001). One possible cause for these 
PHAH-induced lesions was proposed following studies on microsomes from 
fish where CYP1A was found to be uncoupled by non-ortho-PCBs
(Schlezinger et al. 2006). The authors suggested that such uncoupling may 
result in the formation of reactive oxygen species (ROS) which can inacti-
vate the CYP1A enzyme itself or other macromolecules.  

The classical toxicity of the Ah-receptor-binding PAHs is a consequence 
of the biotransformation process. The CYP1A enzymes can produce some 
highly reactive metabolites which may form DNA adducts and induce car-
cinogenesis (Conney 1982). For example, CYP1A catalyzes the oxidation of 
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BaP to highly reactive DNA-binding species, the most well-known being 
BaP-7,8-dihydrodiol-9,10-epoxide (Conney 1982; Xue and Warshawsky 
2005). Another mechanism which can be involved in PAH carcinogenicity is 
the formation of metabolites such as o-quinones prone to undergo redox-
cycling with production of ROS and subsequent DNA strand breaks 
(Flowers et al. 1997). The carcinogenic effects of BaP have been revealed in 
numerous studies, and mice lacking the Ah-receptor seem to be resistant to 
the carcinogenic effects of BaP exposure (Shimizu et al. 2000). Rainbow 
trout exposed for one year to dietary BaP developed liver tumours 
(Hendricks et al. 1985), and in zebrafish exposed as fry to waterborne 7,12-
dimethylbenz(a)anthracene (DMBA), neoplasia was observed mainly in the 
liver, gill and blood vessels of adult fish (Spitsbergen et al. 2000). Both field 
and laboratory studies using flatfish, e.g. English sole (Pleuronectes vetulus),
have established a cause-and-effect relationship between neoplastic liver 
lesions and exposure to PAHs (Myers et al. 2003). There are also other tox-
icities than tumour induction following PAH exposure. Similar lesions as 
after TCDD exposure to early life-stages of fish have been observed in ze-
brafish following exposure to pyrene (Incardona et al. 2004) and in rainbow 
trout and zebrafish exposed to retene (Billiard et al. 1999; Brinkworth et al. 
2003). The main exposure routes for PAHs to fish at early life-stages are via 
water and sediment, and the toxic effects are mainly seen after hatch since 
the chorion surrounding the eggs may inhibit PAH uptake, or because 
CYP1A is not induced until around hatching (Brinkworth et al. 2003). Re-
cently, the toxicity following exposure to PAH-mixtures during fish early-
life stages was suggested to mainly be caused by PAHs that are not ligands 
for the Ah-receptor (Incardona et al. 2004; Sundberg et al. 2005). Although 
some PAHs have the same potency as co-planar PCBs to induce CYP1A in 
fish (Barron et al. 2004), this does not necessarily predict their early life-
stage toxicity, and CYP1A induction may also have a protective role against 
toxicity (Billiard et al. 2006; Incardona et al. 2006). Inhibition of CYP1A 
catalytic activity will affect the biotransformation of PAHs. For instance, 
flavonoids are suggested as chemoprotective agents in cancer prevention by 
reducing the CYP1-catalyzed formation of reactive PAH metabolites 
(Chaudhary and Willett 2006). However, CYP inhibitors can also change the 
bioconcentration of PAHs. In a study by Levine et al. (1997), fish pre-
injected with the antifungal drug and EROD inhibitor clotrimazole followed 
by exposure to waterborne BaP for three days had bioconcentrated 11 times 
more parent BaP than fish exposed to BaP alone. 

Most research on the Ah-receptor has focused on its role in mediating en-
zyme induction and toxicity while the physiological role of this receptor 
remains largely unknown. Recently, molecular cross-talk has been identified 
between the Ah-receptor pathway and for example steroid hormone recep-
tors (Carlson and Perdew 2002). Moreover, the receptor and its target genes 
seem to be involved in apoptosis (Nebert et al. 2000), and the activated Ah-
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receptor can interact with cellular pathways involved in control of develop-
ment (Puga et al. 2005). Therefore, by interfering with these physiological 
processes many different mechanisms to cause toxicity are possible (Mar-
lowe and Puga 2005).  

Gill as an absorption site and target organ for organic pollutants 
The fish gill functions in respiration, ion- and osmoregulation, nitrogenous 
waste product excretion, thermal exchange and mucus production. With a 
ventilation volume of 118 ml/min, the gills of rainbow trout can during a 
single passage extract 60% of the O2 in the water (McKim et al. 1985). This 
high extraction efficiency is made possible by the large epithelial surface in 
contact with water, the short diffusion distance between water and blood, 
and the counter-current flows of water and blood. The gill blood circulation 
and morphology are excellently described in Olson (2002) and Wilson and 
Laurent (2002). Briefly, the teleost gill consists of eight arches (four on each 
side in the pharynx), each carrying two rows of primary filaments (Figure 1 
a, b). These filaments are supported by cartilage and carry a large number of 
thin half-disc-formed secondary filaments, also called secondary lamellae, 
enlarging the gill surface (Figure 1 c). The secondary lamella can be de-
scribed as a flat cavity covered by 1-3 layers of epithelium. The epithelium 
consists of differentiating cells and respiratory so-called pavement cells in 
direct contact with the water for gas exchange (Figure 1 e). The cavity be-
tween the opposite layers of epithelia consists of a vascular sinusoid inter-
sected by special endothelial cells called pillar cells (Figure 1 d, e). These 
cells are scattered through the sinusoidal space just like pillars, and together 
cover the whole inner surface of the cavity (Figure 1 e). The pillar cells are 
suggested to regulate blood flow through the lamella by contractile micro-
filaments. Between the lamella epithelium and endothelium lies a basement 
membrane which is connected to the opposite flat side of the lamella by col-
lagen strands supporting the sinusoidal space. Oxygen-depleted blood enters 
the primary filament in an afferent artery, enters the vascular space of the 
sinusoids in the secondary lamellae and drains oxygenated into the primary 
filament efferent artery. At the base of the secondary lamellae, on the pri-
mary filament surface called the interlamellar space, the epithelium contains 
chloride cells involved in ionic regulation and mucus-producing goblet cells 
in addition to respiratory cells. Beneath the epithelium, in the inner layers of 
the primary lamellae, proliferating and differentiating cells reside. 
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Figure 1. Schematic view of the teleost fish gill: a) On each side, four gill arches in 
the pharynx lie under a protecting operculum. The arches carry two rows of primary 
filaments. Water, which is pumped into the mouth and over the gills by muscles 
around the opercula and in the pharynx, exits at the edges of the opercula. b) A gill 
arch with primary filaments. c) A primary filament carrying secondary lamellae 
where blood flows counter-current to the water as indicated by arrows. d) View into 
the cavity of a flat secondary lamella sinusoid with endothelial pillar cells as white 
dots intersecting the vascular space in grey. e) Section through the secondary lamella 
showing a vascular space with blood cells (1), pillar cell (2) and respiratory epithe-
lial cell (3) in contact with the water. 

Adult fish take up xenobiotics via the gills or the gastrointestinal (GI) tract. 
At the same time as the gill extracts oxygen from the water, also waterborne 
lipophilic organic substances are extracted (McKim et al. 1985). Since the 
uptake of these substances is a passive process the extraction rate can vary. 
For example, a low oxygen level in the water leads to a higher respiration 
rate and thereby more of a substance is extracted (McKim and Erickson 
1991). Studies in several species of fish show that CYP1A is highly induc-
ible in the endothelia of the whole body (Husøy et al. 1996; Van Veld et al. 
1997; Ortiz-Delgado et al. 2005). In the gills, CYP1A can be induced in 
pillar cells and in respiratory cells (Miller et al. 1989; Husøy et al. 1994; Van 
Veld et al. 1997; Jönsson et al. 2004; Ortiz-Delgado et al. 2005). The gill has 
a lower biotransformation capacity expressed per mg protein than the liver, 
where the CYP1A level is generally analyzed (Lindström-Seppä et al. 1981; 
Miller et al. 1989; Leguen et al. 2000). The perfusion rate in the gill is, how-
ever, high since this organ receives almost all of the cardiac output, whereas 
the liver is part of the systemic circulation following passage of blood 
through the gills and receives only a portion of the cardiac output (Barron et 
al. 1987). This suggests that the gill is important for biotransformation of 
lipid-soluble xenobiotics, not only reaching the gill via the water, but also 
via the blood (Maren et al. 1968). In a study where 3,3',4,4',5,-
pentachlorobiphenyl (PCB#126) was injected intraperitoneally in scup 
(Stenotomus chrysops) in doses of 0.01 or 1 mg/kg body weight, significant 
microsomal CYP1A induction in the gills was revealed at both concentra-
tions (Schlezinger and Stegeman 2001). Waterborne exposure to BaP results 
in stronger CYP1A induction in the gills and in endothelia of the whole fish 
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compared to induction following dietary exposure (van Veld et al. 1997; 
Sandvik et. al 1998). This was suggested to be due to the efficient first-pass 
metabolism in the GI tract which results in low, or no, exposure of internal 
organs. First-pass metabolism takes place in the gill as well where water-
borne xenobiotics can be degraded, preventing them to reach inner organs 
(Barron et al. 1989; Levine and Oris 1999; Jönsson et al. 2004). As an ex-
ample, a large fraction of waterborne BaP was metabolized during gill pas-
sage in a perfusion experiment with rainbow trout gills (Andersson and Pärt 
1989). The gill therefore seems to be an appropriate tissue for measuring 
biomarkers of exposure to waterborne, readily metabolized pollutants which 
may not reach internal organs. Furthermore, the gill can be a target organ for 
toxicity following xenobiotic exposure. Neoplasia was observed in gills of 
adult zebrafish exposed as fry to waterborne DMBA (Spitsbergen et al. 
2000). Lesions such as epithelial separation and fusion of secondary lamellae 
have been reported in various species of fish following waterborne exposure 
in the laboratory to crude oil emulsion (Engelhardt et al. 1981) or produced 
water from oil platforms (Stephens et al. 2000), and in wild fish collected 
around a natural petroleum seep  (Spies et al. 1996). Similar lesions have 
been observed in fish following exposure to TCDD via water (Arellano et al. 
2001) or intraperitoneal injection (Spitsbergen 1988; Zodrow et al. 2004).  

The gill filament EROD assay
A method for measuring EROD activity in intact gill filament tips from rain-
bow trout has been developed by Jönsson et al. (2002). Most importantly, 
EROD activity is measured in a tissue directly in contact with the water. The 
method is easily performed, the tissue architecture including intact cellular 
communication is maintained, and the time-consuming process of preparing 
microsomes normally deployed in EROD assays is avoided. Waterborne 
exposure of fish to 1 µM NF resulted in a high EROD induction (up to 70 
times higher than in the control group), and there was a clear induction in 
trout caged at different distances from a STP outlet in a Swedish river (Jöns-
son et al. 2002). The EROD response was also concentration-dependent fol-
lowing 24 h of NF-exposure (nominal concentrations 0.01, 0.1 and 1 µM), 
and proved relatively insensitive to copper exposure which is known to inter-
fere with ion regulation in the gill (Jönsson et al. 2006). Accordingly, EROD 
induction analyzed in gill filaments has been suggested as a biomarker of 
exposure to waterborne CYP1A inducers. Furthermore, in fish caged down-
stream from the STP outlet and then exposed to very low concentrations of 
3H-BaP (0.64 nM = 0.16 ppb) for 2.5 h in the laboratory, autoradiography 
revealed intense radiolabelling in the gills (Jönsson et al. 2004). These re-
sults confirm that the gill is an important target for CYP-catalyzed BaP acti-
vation and adduct formation. 
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Aims of this thesis 
In this thesis, the gill filament EROD assay was further characterized and 
developed as a biomarker for compounds affecting the catalytic activity of 
gill CYP1A in fish. The experiments included laboratory exposure of fish, 
and field-exposure of caged fish. The specific objectives of each paper were: 

Paper I: To investigate whether the gill filament EROD assay is applica-
ble as a biomarker for Ah-receptor agonists in various species of freshwa-
ter and seawater fish 
Papper II: To investigate if the EROD response differs in gill and liver in 
fish following waterborne exposure to persistent and readily metabolized 
Ah-receptor agonists
Paper III: To evaluate the gill filament EROD assay as a biomarker in 
Atlantic cod for detecting low waterborne concentrations of PAHs de-
rived from petroleum activities in the North Sea
Paper IV: To further address if the gill filament EROD assay is an ade-
quate tool to reveal contamination of waters in urban areas in Sweden us-
ing rainbow trout caged in the field
Paper V: To apply the gill filament EROD assay as a tool for identifying 
inhibitors of CYP1A in fish  
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Methods and experiments 

Laboratory exposures 
In order to determine the EROD response in fish following short-term expo-
sure to various chemicals, all papers of this thesis include exposure in a 
static water system. These exposures were carried out in polyethylene bags 
placed in plastic boxes and filled with continuously aerated water as de-
scribed in Jönsson et al. (2002). Generally, fish were exposed for up to 48 h 
at a density of  30 g fish/L water. Water quality criteria for rainbow trout 
have been cited in Heinen (1995), and exposure of trout in these bags at a 
density of 20 g/L water resulted in acceptable levels of free ammonium (~ 3 
ppb, quality criterion < 20 ppb), and nitrite (~ 7 ppb, quality criterion < 100 
ppb), and an oxygen level of ~ 88 % of the saturation concentration (quality 
criterion > 80 %). All chemicals were dissolved in carrier (acetone or 
DMSO) and added directly to the water. The CYP1A inducers included NF,
PCB#126, BaP and indigo (Figure 2) with log Kow values1 of 4.7, 6.6, 6.0 
and 3.6, respectively (cited or estimated in Jönsson 2003). Crude oil from the 
North Sea and water and sediment collected in the Tromsø area in Norway 
were also tested in this static system. Notably, hydrophobic substances ad-
sorb to the walls of the exposure bags (Jönsson 2003), and therefore all con-
centrations given are nominal values. 

In Paper , one experiment was carried out in a continuous flow-through 
system as described by Sanni et al. (1998). The details about the exposure set 
up will be presented by Sundt et al. (in preparation). Analysis of gill EROD 
was a side project in this study which was performed at the research station 
of the International Research Institute of Stavanger (IRIS – Akvamiljø, 
Norway) and funded by the PROOF programme of the Norwegian Research 

1 The partitioning coefficient between octanol and water where values  3 indicate fat-
solubility. 
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Council. Fish were exposed to produced water2 (PW) or crude oil from the 
North Sea, or to a mix of nine alkylphenols (APs) in the C1-C7 size range3.

Figure 2. Structure of the CYP1A inducers used in this thesis showing a) -
naphthoflavone ( NF), b) 3,3',4,4',5,-pentachlorobiphenyl (PCB#126), c) 
benzo(a)pyrene (BaP) and d) indigo. 

Field experiments 
The field studies in Paper  were carried out with fish caged around plat-
forms in the Troll and Statfjord oil fields in the North Sea, west of the city of 
Bergen by the Norwegian coast. The analysis of gill EROD was done as 
parts of the projects “2003 Water Column Monitoring” at the Troll B plat-
form (Børseth and Tollefsen 2004) and “2004 Water Column Monitoring” at 
the Statfjord B platform (Hylland et al. 2005), both financed by the Norwe-
gian Oil Industry Association (OLF). For a detailed description of the expo-
sure set up, see Hylland et al. (2005). The cages were positioned in the 
dominating current direction in the expected PW plume from the platforms. 

2 Produced water originates from the production of oil and gas, and is often discharged into 

the sea. It consists of water trapped with oil and gas in the reservoirs together with water 

injected during drilling to maintain reservoir pressure. The chemical compounds present are 

basically those present in the most water soluble fraction of the reservoir crude oil. In addition 

to small amounts of dispersed oil, produced water also contains aromatic and aliphatic hydro-

carbons, phenols, metals, and traces of chemicals added during the production (Røe 1998). 

3 Total number of carbons in the alkyl chain on the phenol structure. 



22

The closest caging distance was 500 m from the discharges. Gill EROD ac-
tivities were analyzed at the Department of Molecular Biology (MBI) at the 
University of Bergen (Norway) after storage of gills in ice-cold buffer on 
research vessels.  

Field studies in Paper IV were carried out with fish caged in urban waters 
in Sweden in two separate experiments. In the first experiment, all sites were 
located in the river Fyrisån in Uppsala. In the second experiment the selected 
reference site was a lake located outside Uppsala, and the other sites were 
located in central Stockholm.  

Gill Filament EROD assay 
A detailed description of the method which was used in all papers of this 
thesis is given by Jönsson et al. (2002). The EROD activity was determined 
in 2 mm long primary gill filament tips placed in 12-well tissue culture 
plates containing a reaction buffer (HEPES-Cortland buffer supplemented 
with ethoxyresorufin and dicumarol, Figure 3). As resorufin formation is 
linear over time, the wells were sampled at two time-points and EROD activ-
ity calculated and expressed as picomole resorufin formed per filament tip 
and minute. In paper I, EROD activity was also related to protein content in 
the filament tips as determined using a BCA protein assay with bovine se-
rum albumin as the standard. 

Figure 3. The gill filametnt EROD assay: dissection of gill arches from rainbow 
trout, preparation of primary filament tips, incubation in a well of a tissue-culture 
plate, and aliquot sampling and transfer to a 96-well plate. 

Due to the small size of three spined stickleback (Gasterosteus aculeatus),
the species used in Paper V, a slightly modified method was applied as de-
scribed in Andersson et al. (2007). In Paper V, the gill filament EROD assay 
was adapted to detect chemicals which inhibit CYP1A activity in fish gills. 
This was done by using gill filaments from NF-exposed sticklebacks fol-
lowing 2 h of incubation with the candidate inhibitors in HC-buffer. The 
inhibitors were also present in the buffer throughout the gill EROD assay. 
The effect on catalytic activity of both known and potential CYP1A-
inhibiting compounds was determined. 
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Liver and kidney EROD assay 
The EROD activity in liver and kidney was assayed in microsomes. In Paper 

, an EROD method modified from Kennedy and Jones (1994) was used in 
which the protein concentration in the microsomes was determined follow-
ing EROD analysis in the same 96-well plate. In Paper IV, the EROD analy-
sis was carried out according to a modified method by Eggens and Galgani 
(1992), as described by Andersson et al. (2007), where EROD and protein 
were determined in separate 96-well plates. Protein concentrations were 
measured using a fluorescamine-based assay. The EROD activity was calcu-
lated and expressed as picomoles of resorufin formed per mg protein and 
minute.

Immunohistochemistry 
To examine the cellular localization of the CYP1A protein, gill arches and 
kidneys were fixed in St Marie's fixative (1% glacial acetic acid in ethanol; 
v/v) and stored in 70% ethanol (v/v). The monoclonal primary antibody 
C10-7 (corresponding to amino-acid sequence 277-294 of rainbow trout 
CYP1A) was obtained from Biosense (Bergen, Norway). The localization of 
CYP1A protein was determined using the avidin-biotin complex (ABC) 
method and AEC as chromogen, as described in Jönsson et al. (2004).  
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Paper summary 

Paper I

Location:  Kårvik Research Station in Tromsø 
Exposure:  Static water system, 1 µM NF or sediment/water collected in 

the field, 24 – 48 h 
Species:  Atlantic cod, Atlantic salmon (Salmo salar), Arctic charr 

(Salvelinus alpinus), saithe (Pollachius virens), spotted 
wolffish (Anarhichas minor)

Analysis:  Gill EROD activity (calculated both per filament tip and per 
protein amount) 

Paper II

Location: Department of Environmental Toxicology, Uppsala Univer-
sity 

Exposure:  Static water system, 0.01 µM PCB#126, 0.1 and 0.001 µM 
BaP, 1 and 0.01 µM indigo, 6 - 24 h,  24 h + recovery in tap 
water for two or 14 days 

Species:  Rainbow trout 
Analysis: EROD activity in gill and liver  

Immunolocalization of gill CYP1A  

Paper III

Location:  Kårvik Research Station in Tromsø 
 The research station of IRIS – Akvamiljø in Stavanger 

Field experiments around the Troll B and Statfjord B plat-
forms in the North Sea 

Exposure:  Static water system, 1 µM NF, 0.1 µM BaP, 1 or 10 ppm 
Statfjord B crude oil,  24 h 
Continuous flow-through system, Oseberg C PW diluted 
1:200 or 1:1000, 0.2 ppm Oseberg crude oil, 0.2 ppm Oseberg 
crude oil spiked with PAHs and APs (12 and 37 µg/L respec-
tively),  AP mix alone (37 µg/L, data not shown), 15 days 

 Caging in field, six weeks  
Species: Atlantic cod 
Analysis: Gill EROD activity  
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Paper IV 

Location:   Department of Environmental Toxicology, Uppsala Univer-
sity 

Exposure: Static water system, 1 µM NF, 48 h
Caging in field, 1-21 days (Uppsala) or 1-5 days and five days 
+ recovery in tap water for two days (Stockholm) 

Species: Rainbow trout 
Analysis: Gill EROD activity  

EROD activity in liver and kidney (only in the Stockholm ex-
periment)  
Immunolocalization of CYP1A in the gill and in the Stock-
holm experiment also in the kidney  

Paper V

Location:  Department of Environmental Toxicology, Uppsala Univer-
sity 

Exposure: Static water system, 50 µM omeprazole 24 h, 1 µM NF 24 h 
+ determination of inhibition of gill EROD, chemicals tested 
for inhibition include NF, BaP, indigo, ketoconazole, biter-
tanol, acacetin, ellipticine, omeprazole, sulfamethoxazole, 
carbamazepine, caffeine and diclofenac 

Species: Three-spined stickleback 
Analysis: Gill EROD activity inhibition  

Gill EROD activity (omeprazole exposure) 
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Results and discussion

Characterization of the gill filament EROD assay 
In Paper 1, the aim was to apply the gill filament EROD assay originally 
developed in rainbow trout in species living in both freshwater and seawater. 
The species studied included Atlantic cod, Atlantic salmon, Arctic charr, 
saithe and spotted wolffish. In cod, salmon, charr, saithe and adult wolffish, 
NF significantly induced gill CYP1A activity (5- to 13-fold). An exception 

was young wolffish (  8 months old) where the control group had high 
EROD activity and the exposed group was not induced much following ex-
posure to NF. The experiment was repeated with the same outcome, and the 
reason for this high control activity and lack of induction is unclear. The 
smoltification4 status of salmon together with water salinity had minor influ-
ence on the gill filament EROD activity implying that the activity can be 
compared in salmonids from limnic, estuarine and marine waters. Other au-
thors have successfully applied the gill filament EROD assay in African 
sharptooth catfish (Clarias gariepinus, Mdegela et al. 2005) and three-spined 
stickleback (Andersson et al. 2007). Unpublished data from our laboratory 
show that the method also works well in zebrafish, goldfish (Carassius aura-
tus) and brown trout (Salmo trutta).

Since gill EROD activity in the studies of this thesis was calculated per 
two-mm filament tip and not per amount of protein, we wanted to investigate 
the effect of fish size on the activity. This was carried out with differently 
sized Arctic charr (Paper ). Obviously, large fish have thicker filaments 
than small fish and this observation was confirmed by the protein content in 
the filament tips which increased with body weight. However, similar con-
trol and induced EROD activity was recorded in fish of different body 
weight when the activity was expressed per gill filament tip. This indicates 
that the amount of catalytically active CYP1A protein assayed in the fila-
ments was unaffected by variation in body weight among fish. Hence, some 
variation in body weight of fish within one experiment is acceptable when 
EROD activity is determined in gill filaments. 

4 The process of physiological changes in anadromous fish adapting from freshwater to sea-
water conditions. 
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There was a variation in the level of gill EROD activity in both control and 
induced fish. This variation could be found between sampling dates in the 
same batch of fish (unpublished data), between species (Paper II), and possi-
bly between different fish stocks and laboratories (Paper III). The variation 
was most evident in control groups which generally show very low, and 
sometimes non-detectable, activities and where gill EROD activity can vary 
10-fold and still be low (experience with rainbow trout and three-spined 
stickleback in the laboratory in Uppsala). This can strongly affect the fold 
induction. It is therefore preferable to compare all groups with the same con-
trol group even if the groups within one experiment are not analyzed at the 
same time.  

It is not always possible to analyze biomarkers like gill EROD activity 
immediately following sampling, especially not in field studies. It was ob-
served by Jönsson et al. (2002) that gill tissue from rainbow trout can be 
stored for at least 1 day in ice-cold buffer without loss of CYP1A activity in 
either control or exposed fish. Prior to the field-experiments in Paper III, an 
experiment in cod showed that the fold induction of EROD activity in gills 
stored in ice-cold buffer remained roughly unchanged for at least three days 
(provided that the induced group was compared to a control group stored for 
the same time). However, the tissue must not freeze if this method is to be 
used (Jönsson et al. 2002). The fold induction of EROD activity in cod was 
independent of assay temperature in the range between 10º and 20º C (Paper 
III, data not shown). Consequently, EROD can be assayed at various tem-
peratures, but the exposed groups must be compared to a control group as-
sayed at the same temperature. The acclimatization temperature of the fish is 
also a factor to consider as this affects gill EROD activity (Paper III). Both 
the basal and the induced gill EROD were higher in cod exposed to crude oil 
at 2 ºC compared to cod exposed at 8 ºC. The fold induction was, however, 
the same at the two temperatures. This is in agreement with previous studies 
in various species where both induced fish and controls acclimated to a 
lower temperature showed a higher hepatic EROD activity than fish in 
warmer water when catalytic activity was assayed at a fixed temperature 
(Williams et al. 1983; Andersson and Koivusaari 1985; Sleiderink et al. 
1995; Jørgensen and Wolkers 1999).   

A further development of the gill filament EROD assay would be to apply 
it following non-lethal gill biopsy. Non-lethal gill biopsy has been used by 
Rees et al. (2005) for determination of CYP1A mRNA in gills from salmon. 
It would then be possible to study the gill EROD response in the same indi-
viduals over prolonged exposure periods. 
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The gill filament EROD assay as a tool for detecting CYP1A 
inducers and inhibitors 
In paper II, we determined the temporal patterns of EROD induction in gill 
and liver of rainbow trout following waterborne exposure to the persistent 
inducer PCB#126 or the readily metabolized compounds BaP and indigo. 
Indigo is released into the environment as a textile dye and has also been 
suggested as an endogenous Ah-receptor ligand (Rannug et al. 1992; Adachi 
et al. 2001). Indigo had not been studied in fish before. The aim was to in-
vestigate if gill and liver differed in sensitivity regarding EROD induction as 
determined in intact gill filaments and liver microsomes. Generally, the 
EROD response in liver was slower than in gill as reflected by results from 
exposures for 6, 12 or 24 h. This was probably due to absorption and me-
tabolism of the inducers in extrahepatic tissues, prolonging the time for the 
chemicals to reach concentrations in the liver high enough to induce EROD 
activity. The highest EROD inductions observed following exposure of fish 
to PCB#126, BaP or indigo (0.01, 0.1 and 1 µM) were similar in gills (74-, 
76-, and 52-fold), but differed considerably in liver (200-, 78-, and 11-fold). 
This likely reflected differences in metabolic clearance of the inducers in 
extrahepatic tissues with subsequent variation in exposure of the liver. Al-
ready in the gill, the readily metabolized inducers could have undergone 
first-pass metabolism resulting in elimination from the gills back to the wa-
ter, or entrance into circulation as conjugates (Andersson and Pärt 1989; 
Barron et al. 1989). Indigo had previously been suggested to be rapidly me-
tabolized in rodents (Guengerich et al. 2004; Sugihara et al. 2004), and this 
seems to hold true for fish as well. We also exposed fish to BaP or indigo at 
100 times lower concentrations than in the previous experiment whereby 
liver EROD activity was slightly induced only by BaP while the activity in 
gill was markedly induced by both compounds. Hence, low waterborne con-
centrations of readily metabolized EROD inducers may not be detected in 
liver, a fact to take into consideration when hepatic EROD activity is used as 
a biomarker in fish. Following transfer of exposed fish to tap water, the in-
duced gill and liver EROD activities in the BaP- and indigo-exposed groups 
decreased. Again, this likely reflected the metabolic clearance and/or redis-
tribution of the inducers to internal organs or elimination back to the water. 
In the group exposed to PCB#126, liver EROD activity increased following 
transfer of the fish to clean tap water. This probably reflected an ongoing 
redistribution of PCB#126 from extrahepatic tissues to the liver. If this dis-
tribution of PCB#126 is representative for other persistent compounds, fish 
exposed to unknown CYP1A inducers can be transferred to clean water 
where a subsequent increase in liver EROD activity could indicate exposure 
to persistent compounds. In the gills, we also studied the cellular pattern of 
immunolocalized CYP1A to see if there were any differences between fish 
exposed to the selected inducers. Strong staining in cells near the basal 
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membrane of the epithelium in the primary lamellae was only observed in 
the PCB#126-exposed fish. A lack of CYP1A induction by BaP and indigo 
in the deeper cell layers of the primary lamellae indicated that these com-
pounds were already metabolized in the secondary lamellae. This observa-
tion supported the contention from a previous study, in which it was pro-
posed that the secondary lamella of the gill filament is a site of first-pass 
metabolism of BaP (Jönsson et al. 2004).

The conclusion from Paper II was that readily metabolized EROD induc-
ers in water may escape detection when catalytic activity is assayed only in 
fish liver microsomes. The aim in Paper III was therefore to evaluate 
whether the gill filament EROD assay was useful in Atlantic cod as a bio-
marker for PAHs derived from oil production at sea. The applicability of the 
gill filament EROD assay in this species was shown by the results from Pa-
per I. Following exposure to North Sea crude oil at 1 or 10 ppm, gill EROD 
activity was induced 6- and 9-fold. The activity in the 1 ppm group was sig-
nificantly higher than in the control group, and about half of that recorded in 
the group exposed to 0.025 ppm (0.1 µM) BaP. This confirmed that gill 
EROD activity was responsive to oil. Furthermore, gill EROD activity was 
significantly induced following continuous flow-through exposure to PW 
diluted 1:1000 or 1:200, and also to 0.2 ppm crude oil for 15 days . Accord-
ing to dispersion models and field measurements, PW is diluted approxi-
mately 1000 times in the immediate vicinity (50-500 m) of a platform 
(Furuholt 1996; Røe 1998), and 0.1 – 3 million times at 0.6 – 3.9 km from 
the platform (Rye et al. 1996). Hence, the discharges are rapidly diluted, but 
gill EROD in cod caged at a distance within 500 m from a platform could be 
expected to be induced by PW exposure (see the Field studies section be-
low). Alkylphenol exposure on its own did not affect the gill EROD activity 
(data not shown), but a somewhat lower activity in the group exposed to 
crude oil spiked with APs was found compared with the group exposed to 
crude oil only. This result was comparable to the findings in another, very 
similar study where lowered hepatic EROD activity in cod exposed to both 
crude oil and APs was suggested to be due to the interference of APs with 
the CYP1A response (Sturve et al. 2006) .  

As discussed previously, the gill is in direct contact with waterborne 
CYP1A inducers, but the EROD response is also expected to be influenced 
by waterborne inhibitors of CYP1A catalytic activity. Inhibition of CYP1A 
activity may change the fate of chemicals that normally undergo metabolism 
in the fish (as described in the Background section above). Therefore, the 
objectives in Paper V were to standardize the gill filament EROD assay to 
screen for chemicals with inhibiting effects on CYP1A activity and to de-
termine the response to both previously studied and potential inhibitors. This 
was carried out by measuring the EROD activity in gills from NF-exposed
three spined stickleback following incubation for 2 h with the candidate in-
hibitors present in the buffer. The conclusion was that the method works 
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well for screening of chemicals inhibiting CYP1A activity. Three of the 
compounds tested, namely an imidazole, a triazole and a plant flavonoid 
were gill EROD inhibitors at similar concentrations as those previously 
found to inhibit EROD activity in liver microsomes from fish and mammals. 
The molecular structures of these chemicals are shown in Figure 4. Incuba-
tion of the filaments with 0.2 µM ketoconazole reduced the induced gill 
EROD activity by 43 %. This concentration was comparable to that used by 
Hegelund et al. (2004), who demonstrated that this compound is both an 
inhibitor and an inducer of CYP1A in rainbow trout. In that study, the inhibi-
tion of EROD activity in liver microsomes from NF-treated rainbow trout 
was measured, and an IC50 value of 0.4 µM was obtained. A compound 
related to ketoconazole is bitertanol, a triazole fungicide shown both to in-
duce and inhibit EROD activity in rats (Chan et al. 2006). In that study, the 
effect of bitertanol was measured in liver microsomes from rats injected with 
bitertanol or 3-methylcholanthrene, and the the IC50 values were 0.8 and 0.9 
µM, respectively. In the present study, gill EROD activity was 33 % lower 
than in the positive control group after pre-incubation with 0.2 µM biter-
tanol. The third inhibitor of gill EROD activity was acacetin, a flavone found 
in the plant family Asteraceae containing several species used in oriental 
traditional medicine (Miyazawa and Hisama 2003; Singh et al. 2005). A 
concentration of 0.2 µM acacetin inhibited gill EROD activity by 52 %, and 
acacetin was consequently a slightly more potent inhibitor than the azoles 
tested in this study. As a comparision, in a study using microsomes from 
human lymphoblastoid cell lines exclusively expressing one of the enzymes 
CYP1A1, CYP1A2 or CYP1B1, acacetin inhibited EROD activity at IC50 
values of 0.007-0.08 µM (Doostdar et al. 2000). Finally, the anti-ulcer drug 
omeprazole was revealed to be a weak inhibitor of CYP1A in fish where 10 
µM inhibited the induced gill EROD activity by 39 %. Since omeprazole is 
an inducer of CYP1A in some mammalian species (Diaz et al. 1990; Lu et 
al. 2001), sticklebacks were also exposed to 50 µM waterborne omeprazole 
for 24 h but no EROD induction was recorded in that experiment (data not 
shown in Paper V). 
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Figure 4. Molecular structure of the chemicals inhibiting gill EROD activity, show-
ing a) ketoconazole, b) bitertanol, c) acacetin, d) ellipticine, and e) omeprazole. 

Field studies 
Provided that PW diluted 1:1000 represents the contamination at 50-500 m 
downstream from a platform (Furuholt 1996; Røe 1998), cod caged at these 
distances from a platform should be expected to respond with increased gill 
EROD activity as supported by the laboratory study described above. In the 
field study, however, no gill EROD induction was found in cod caged down-
stream from the Troll B and Statfjord B oil platforms in the North Sea (Paper 
III, Figure 5). Concentrations of PAH metabolites were reported to be low in 
bile from the same fish as analyzed in this study, and none of the other bio-
markers analyzed, including male plasma vitellogenin concentration and 
liver EROD activity, glutathione S-transferase activity, DNA adducts and 
histopathology showed any significant differences between the caged groups 
of cod (Børseth and Tollefsen 2004; Hylland et al. 2005). Indeed, several 
factors can influence the levels and bioavailability of PAHs in the water 
around a platform, and possible fluctuations in concentrations could result in 
a low EROD activity at the time of sampling. That gill EROD activity can 
rapidly change is supported by the findings in Paper III where fish exposed 
to BaP or indigo quickly lost their gill EROD inductions following transfer 
to tap water. Nevertheless, the lack of response also in other biomarkers that 
are more stable over time, for example liver DNA-adducts, suggests that the 



32

lack of gill EROD induction reflected a low PAH exposure in this study. In 
an Australian study using Stripey seaperch (Lutjanus carponotatus), im-
munoblotting of the hepatic microsomal fraction revealed a significant in-
crease in CYP1A protein in fish caged for 10 days at 200 m downstream 
from an oil platform, while no effect was observed in fish caged 1000 m 
from the platform (Zhu et al. 2006). Therefore, a distance of 500 m was pos-
sibly too far away from the platforms to obtain any gill EROD induction in 
the caged fish of Paper III.  

Figure 5. The Troll B platform, the hoisting of a cage and collection of cod for sam-
pling (photo T.C. Mortensen). 

In Paper IV, rainbow trout were caged for 1-21 days in waters in the Stock-
holm-Uppsala area to examine the gill EROD response in urban waters. The 
objectives were to determine if the gill filament EROD assay applied in 
caged fish was useful for identifying sites with PAH contamination, and to 
compare EROD activities in the gill of caged fish with the responses in liver 
and kidney. The gill consistently showed a more marked EROD response 
than the liver and the kidney. After one day of caging, gill EROD activity in 
fish was induced 6-17-fold at all sites examined. In accordance with the very 
high PAH load found in surface sediments of Lake Trekanten in Stockholm 
(Sternbeck et al. 2003), fish exposed at this site had the highest EROD ac-
tivities in all analyzed organs as compared with fish from the other caging 
sites in Stockholm. This was indeed the site from which collected water in-
duced the highest gill EROD activity in fish in an initial laboratory screening 
study as well. A similar laboratory study was carried out in Paper I, where 
saithe were exposed to water and sediment collected in the area close to a 
shipyard in central Tromsø (Norway) and where gill EROD induction agreed 
well with the previously reported high level of pollution at these sites (Jør-
gensen et al. 2002). Hence, laboratory exposure to water or sediments col-
lected from sites of interest can be an alternative to the more elaborate cag-
ing experiments. Notably though, gill EROD activities in fish exposed for 
one day (24 h) in the laboratory to water collected from the caging sites in 
Paper IV had up to 10 times lower activities than fish caged at the same sites 
for one day (data not shown in Paper IV). Accordingly, water collected at 
some sites where EROD activity was induced in fish in the caging study 
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gave no significant induction in the laboratory study (data not shown in Pa-
per IV).  Presumably, this can be explained by the CYP1A inducers being 
adsorbed to the polyethylene bags used in the laboratory exposure as dis-
cussed in the Method section above.

Notably, the gill EROD activities in fish caged at the reference sites were 
not markedly lower than those of fish caged at sites in the urban areas. Pre-
viously, similar gill EROD induction has been observed in rainbow trout 
caged at a reference site in another Swedish river than the one studied in 
Paper IV (Jönsson et al. 2002). In the experiment where EROD activity was 
analyzed in gill, liver and kidney, fish caged at the reference site exhibited 
elevated EROD activity only in the gill. As mentioned before, induction in 
the gill but not in the liver was found also in fish exposed to low concentra-
tions of readily metabolized EROD inducers (Paper II). Furthermore, in fish 
from all sites exposed to clean tap water after caging, liver EROD activity 
was not different from that in fish from the unexposed control group. By 
contrast, in fish exposed to PCB#126 liver EROD activity rather increased 
following transfer to clean tap water (Paper II). Immunostaining of gill 
CYP1A in the caged fish was confined to the secondary lamellae, and in the 
kidney staining was evident in scattered tubuli only in fish caged at the most 
contaminated site. This indicates that these compounds were subject to first-
pass metabolism since they seemed not to reach the gill primary lamellae 
and kidney of most fish, a result in line with our findings for the readily me-
tabolized compounds in Paper II. Altogether, it seems likely that the EROD 
inductions in the caged fish were mainly caused by readily metabolized com-
pounds. Gill EROD activities in the fish caged at rural reference sites were, 
however, surprisingly high and not much lower than the activities in fish 
caged at urban sites. This observation could imply that PAHs were not fully 
responsible for the unexpected EROD response since PAH concentrations 
should be substantially higher in urban waters than in waters in rural areas. It 
can therefore not be ruled out that the results obtained at the reference sites 
were caused by unknown EROD inducers of natural or anthropogenic origin. 
As discussed before in this thesis, many other compounds than the classical 
Ah-receptor agonists can induce EROD activity, including neurotoxins from 
dinoflagellates (Washburn et al. 1994) and components in humic acids (Ma-
tsuo et al. 2006). However, at least one of the reference sites in Paper IV is a 
lake with low concentrations of humic acids (Andersson et al., unpublished 
results).

In Paper IV, we also wanted to determine temporal variations in gill 
EROD activity in fish during field exposure. The outcome was that gill 
EROD activity in fish caged at a given site varied significantly with date of 
exposure. This emphasizes the importance of repeated measurements when 
using the gill filament EROD assay for monitoring purposes. In the experi-
ment in Uppsala which lasted for 21 days, gill EROD activity in caged fish 
from all sites remained induced throughout the experiment. In the experi-
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ment in Stockholm on the other hand, EROD activity peaked after one day 
and then declined in both gill and liver, while CYP1A staining in the gill 
remained intense over the 5-day period. The reason for this decrease in 
EROD activity, which contrasted to the 21-day study and also our experi-
ence from previous unpublished laboratory experiments, is presently not 
understood. Neither is the lack of correlation between gill CYP1A protein 
and gill EROD activity understood, although immunohistochemistry is only 
a semi-quantitative method.  
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Concluding remarks and future perspectives 

The gill is definitely the right organ to employ for determining the exposure 
of fish to waterborne Ah-receptor agonists. Gill EROD induction was re-
corded after exposure to one persistent and several readily metabolized com-
pounds in the laboratory, and following caging of fish in the field. It is nota-
ble that after exposure to low concentrations of readily metabolized com-
pounds, EROD induction could only be detected in the gill and not in the 
liver. This implies an efficient metabolism in the gill and probably also other 
extrahepatic tissues resulting in a low exposure of the liver. By contrast, 
exposure to a persistent inducer gave rise to a prolonged EROD induction in 
the liver of fish held in clean water after exposure. At all sites in the field 
studies in the Stockholm area, EROD induction was more pronounced in the 
gill than in the liver and the kidney, and the EROD activity decreased in all 
organs following transfer of the fish to clean water for recovery. It was 
therefore concluded that the EROD inducers at these monitoring sites were 
mainly represented by readily metabolized compounds. A question to be 
addressed is whether the EROD induction recorded in fish at these sites was 
caused by contaminants that can adversely affect fish populations. If so, the 
most sensitive effect might be toxicity in other organs than the gills and 
other life-stages than adults, i.e. early developmental stages. Gill EROD 
induction could be a sensitive warning signal for toxic effects. It is notable 
that gill EROD activity was clearly induced also at the reference sites in 
rural areas (in the vicinity of urban regions). This finding raises several ques-
tions. Would gill EROD activity be induced also in fish caged in waters far 
away from industries and cities? Could CYP1A be generally induced in the 
gills of wild fish residing in Swedish waters? It is possible that the induction 
in fish at the reference sites in the field studies reflected a general back-
ground level of air-transported pollutants in these areas. Alternatively, could 
the gill EROD induction observed at the reference sites be due to yet un-
known CYP1A inducers in the aquatic environment? If so, are these un-
known substances of toxicological importance? Further studies are required 
to answer these questions. 

The gill filament EROD assay proved to be an excellent tool for monitor-
ing exposure to waterborne Ah-receptor agonists in various fish species from 
waters of different salinities. Fold induction did not differ with the acclima-
tization temperature of fish, and gills could be stored in ice-cold buffer for at 
least three days before being analyzed. Body weight of fish had minor influ-
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ence on the result when EROD activity was expressed on a filament tip ba-
sis. These qualities make the method useful in various kinds of laboratory 
experiments and in field studies. The gill EROD assay can also be used to 
detect inhibitors of CYP1A catalytic activity. This is an important aspect 
since such compounds can affect the metabolism of compounds that are sub-
strates for CYP1A and other CYP enzymes. It is likely that gill filament 
assays can be developed for other pollutants as well, for instance those in-
ducing other CYP enzymes than CYP1A. Finally, sampling of fish by non-
lethal gill biopsy would enable studies of the EROD response in the same 
individuals over prolonged exposure periods. 
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Sammanfattning på svenska 

Inom miljöövervakningen används biomarkörer för att upptäcka djurs expo-
nering för miljögifter. En biomarkör som ofta analyseras i fisk är enzymet 
cytokrom P450(CYP)1A. Halten CYP1A i ett djur induceras, det vill säga 
ökar, om det exponeras för vissa toxiska miljögifter som till exempel poly-
cykliska aromatiska kolväten (PAH), polyklorerade dioxiner och polyklore-
rade bifenyler (PCB). CYP1A katalyserar omvandlingen av etoxyresorufin 
till resorufin, och den så kallade 7-etoxyresorufin-O-deetylas (EROD)-
aktiviteten är därför ett sätt att mäta mängden aktivt CYP1A enzym i en 
vävnad. Normalt analyseras EROD-aktiviteten i lever från fisk. Ett organ 
som däremot direkt exponeras för vattenburna ämnen är gälen. Den här av-
handlingen handlar om hur en nyutvecklad metod där EROD-aktiviteten 
mäts i gälfilament kan användas som en biomarkör för vattenburna ämnen 
som inducerar CYP1A i fisk. Metoden som från början utvecklades i regn-
bågslax applicerades i avhandlingen i andra fiskarter både från limniska och 
marina miljöer. I fisk som exponerats för låga koncentrationer av de lättme-
taboliserade CYP1A inducerarna bens(a)pyren (BaP) och indigo kunde 
EROD-aktiviteten enbart detekteras i gälen men inte i levern. Båda dessa 
ämnen var potenta nog att inducera en lika hög EROD-aktivitet i gälen som 
den persistenta PCB-föreningen 3,3’,4,4’,5-pentaklorbifenyl. Däremot var 
EROD-aktiviteten i lever mycket högre efter PCB-exponering än efter expo-
nering för BaP och indigo. Resultaten tolkades som att BaP och indigo me-
taboliserades i gälen och andra vävnader på sin väg in i kroppen och att le-
vern därför aldrig blev exponerad. Det är därför viktigt att ta hänsyn till fö-
reningars kinetik när CYP1A enbart analyseras i lever eftersom man då kan 
missa fiskens exponering för lättmetaboliserade ämnen. Gälens höga käns-
lighet bekräftades i studier där fiskar sattes ut i burar i vattendrag i Uppsala- 
och Stockholmsområdet. I den exponerade fisken visade det sig att CYP1A-
induktionen i gälen var starkare än induktionen i lever och njure. Ett intres-
sant fynd var att fisk som exponerats på referenslokalerna uppvisade en hög 
induktion. En möjlig orsak kan vara att det finns CYP1A-inducerande ämnen 
i miljön som ännu inte är identifierade. Sådana ämnen kan i så fall vara av 
antingen naturligt ursprung eller ha uppkommit genom människans aktivitet. 
Gälfilament-metoden testades också i torsk som en biomarkör för fiskars 
exponering för råolja och producerat vatten från oljefält i Nordsjön. Både 
olja och producerat vatten inducerade EROD i gälen i ett laboratorieförsök i 
koncentrationer som kan uppmätas runt oljeplattformar. I ett experiment där 
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torskar placerades i burar utanför två plattformar i Nordsjön kunde dock inte 
någon induktion detekteras, och slutsatsen var att oljefältens påverkan var 
låg. I miljön förekommer komplexa blandningar av ämnen som förutom 
inducerare kan innehålla hämmare av CYP1A enzymet. En enzymhämning 
kan påverka metabolismen av vissa ämnen eftersom CYP1A är en del av 
avgiftningssystemet. Det är alltså viktigt att känna till sådana effekter, och 
därför vidareutvecklades gälfilament-metoden genom att gälfilament expo-
nerades för potentiellt hämmande ämnen under själva EROD-mätningen. 
Två antisvampmedel av azolstruktur samt en växtflavonoid visade sig vara 
potenta hämmare av EROD-aktivitet i gälen. 

De viktigaste slutsatserna i den här avhandlingen är att metoden där 
EROD-aktivitet mäts i gälfilament kan användas i många fiskarter och är en 
praktisk och känslig biomarkör för vattenburna ämnen som inducerar 
CYP1A. Den höga induktionen i fisk som exponerades på referenslokalerna i 
fältstudierna visar att det behövs vidare studier av om det förekommer oiden-
tifierade CYP1A-inducerare i svenska vattendrag.  
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